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Abstract: The musk fragrance Galaxolide® (HHCB) is widely used in personal care and household
products. Its large use leads to a continuous release of the compound into aquatic environments.
Although some studies on the presence of HHCB in ecosystems and biota have been conducted,
limited data about its effects on organism biomarkers are available. This study aimed at investigating
both cellular and biochemical effects of HHCB in the clam Ruditapes philippinarum. Mussels were
exposed for 7, 14 and 21 days to 100 ng/L and 500 ng/L of HHCB in seawater, and the effects
on haemocyte parameters and antioxidant enzyme activities in the gills and digestive gland were
evaluated. In addition, the neurotoxic potential of HHCB and its capacity to cause oxidative damage
to proteins were assessed. Overall, our results demonstrated that exposure to HHCB was able to
induce changes in biomarker responses of mussels, mainly at the cellular level.
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1. Introduction

In recent decades, increasing attention has been paid to the adverse effects of pharma-
ceuticals and personal care products (PPCPs) on non-target species [1,2]. Among PPCPs,
fragrances occur in aquatic ecosystems, and are believed to be ubiquitous due to their
extensive use [1,3]. Nowadays, synthetic musks are the most widely used fragrances [3,4],
being added to many households and personal care products, such as perfumes, shampoos,
body lotions, laundry detergents and deodorants [5]. Synthetic musks are a family of cyclic
compounds which can be divided into four main groups: nitro, polycyclic, macrocyclic
and alicyclic [4,6]. Of them, polycyclic musk fragrances are the most widely used, with
Galaxolide® (HHCB) and Tonalide® (AHTN) as the most representative [4,7]. HHCB and
AHTN cover about 95% of polycyclic musks available on the market [8]. In 2000, 1473 tons
per year of HHCB and 358 tons per year of AHTN were estimated to be used in Europe [9],
and concentrations over 4000 µg/g and 15,000 µg/g of HHCB were found in US and Japan
perfumes, respectively [7]. The external usage of the fragrances does not permit their
transformation into more degradable by-products via metabolic pathways; thus, they enter
the environment substantially unchanged [10]. The extensive use of these products leads to
their massive apport into domestic sewages, and wastewater treatment plants (WWTPs) are
often not able to degrade them completely [7,11]. Consequently, such compounds can be
detected in WWTPs effluents, as well as in aquatic environments [2,7,12]. In addition to the
environmental half-life of 15 and 67 days (in rivers) for HHCB and AHTN respectively [12],
the daily use of these products leads to a relative pseudo-persistence in the aquifers [1].
Understandably, the higher concentrations of polycyclic musks are found in rivers and
lakes near urban centres or WWTPs [13–15].

HHCB is generally detected at higher levels in aquatic ecosystems [2,3,7]. Obvi-
ously, the greatest concentrations were found in WWTPs influents, with levels as high as
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45.1 µg/L [16]. Because of the ineffective degradation in treatment plants, concentrations
up to 13.3 µg/L were found in WWTPs effluents [17]. In surface waters, levels of HHCB
ranged from <1 ng/L in absence of WWTPs effluents to units of µg/L or even more where
inputs of wastewater were present [9,17,18]. HHCB was also found in marine ecosystems,
with concentrations ranging from 6 to 28 ng/L in estuarine and coastal environments [14],
and from 0.09 to 4.8 ng/L in the German Bight in the North Sea [13]. HHCB has a log
KOW coefficient of 5.9, which indicates a lipophilic nature and the potential to accumulate
in organism tissues [19]. Indeed, detectable concentrations of the compound were found
in several aquatic organisms, such as mussels, fish, aquatic birds, sharks, and marine
mammals [20–25]. Interestingly, evidence of HHCB was found in human breast milk and
in umbilical cord serum [26,27]. Details of HHCB features are summarised in Table 1.

Table 1. HHCB nomenclature and identification features and structural formula.

Identification Structural Formula

Trade name Galaxolide®

J. Mar. Sci. Eng. 2021, 9, 509 2 of 15 
 

 

HHCB is generally detected at higher levels in aquatic ecosystems [2,3,7]. Obviously, 

the greatest concentrations were found in WWTPs influents, with levels as high as 45.1 

µg/L [16]. Because of the ineffective degradation in treatment plants, concentrations up to 

13.3 µg/L were found in WWTPs effluents [17]. In surface waters, levels of HHCB ranged 

from <1 ng/L in absence of WWTPs effluents to units of µg/L or even more where inputs 

of wastewater were present [9,17,18]. HHCB was also found in marine ecosystems, with 

concentrations ranging from 6 to 28 ng/L in estuarine and coastal environments [14], and 

from 0.09 to 4.8 ng/L in the German Bight in the North Sea [13]. HHCB has a log KOW 

coefficient of 5.9, which indicates a lipophilic nature and the potential to accumulate in 

organism tissues [19]. Indeed, detectable concentrations of the compound were found in 

several aquatic organisms, such as mussels, fish, aquatic birds, sharks, and marine mam-

mals [20–25]. Interestingly, evidence of HHCB was found in human breast milk and in 

umbilical cord serum [26,27]. Details of HHCB features are summarised in Table 1. 

Table 1. HHCB nomenclature and identification features and structural formula. 

Identification Structural Formula 

Trade name Galaxolide®  

 

Abbreviation HHCB 

CAS number 1222-05-5 

Molecular formula C18H26O 

Chemical name 1,3,4,6,7,8-Hexahydro-4,6,6,7,8,8-hexa-

methyl-cyclopenta[g]2-benzopyran 

Molecular weight 258.4 g/mol 

The toxicity of HHCB is still a matter of debate [7]. In the last few years, some studies 

on the effects of HHCB on aquatic organisms, including marine species, have been per-

formed [7,28–32]. Both estrogenic and antiestrogenic effects were observed in biological 

models and aquatic organisms [7]. HHCB also affected larval and juvenile development 

of different organisms [33–37]. A concentration gradient experiment with the shrimp 

Palaemon varians showed an avoidance behaviour assumed by the animals from the com-

partments with higher levels of HHCB to the less concentrated ones [31]. Other studies 

also revealed the potential of HHCB to induce oxidative stress, enzyme activity alterations 

and genetic damage. Alterations in antioxidant enzymes activities were observed after 

exposure of the fish Carassius auratus and Danio rerio to the contaminant [38,39]. In a 21-d 

exposure test, HHCB (500 ng/L) caused oxidative stress (lipid peroxidation and protein 

carbonylation) and DNA strand breaks in the freshwater zebra mussel Dreissena polymor-

pha [40]. Oxidative stress, genetic damage and antioxidant enzymes activity alterations 

were also recorded in the Manila clam Ruditapes philippinarum exposed for 21 days to 

0.005, 0.05, 0.5, 5 and 50 µg/L of HHCB [32]. Recently, the neurotoxic and endocrine-dis-

rupting effects of the compound have been investigated in the same clam species [41]. In 

a study with Mytilus californianus, HHCB acted as a chemosensitizer, inhibiting the mul-

tixenobiotic resistance of the mussels [29]. Despite all these findings, information about 

sub-lethal effects due to long-term exposure of marine organisms to HHCB is lacking [32]. 

This study was performed to assess the effects of HHCB on biomarker responses of 

R. philippinarum. Biomarkers were measured in the haemocytes/haemolymph, gills and 

digestive gland. Biomarkers included total haemocyte count (THC), haemocyte diameter 

and volume, cell proliferation, cytotoxicity, lysozyme activity, activity of the antioxidant 

superoxide dismutase (SOD), catalase (CAT), glutathione reductase (GR), and glutathi-

one-S-transferase (GST). Protein carbonyl content (PCC) was estimated as an oxidative 

damage biomarker. Lastly, measurement of the activity of acetylcholinesterase (AChE) 

and butyrylcholinesterase (BChE) were used as neurotoxic biomarkers. Clam tissues ana-

lysed were the haemolymph, for evaluating haemocyte parameters [42–44], gills, being 

Abbreviation HHCB
CAS number 1222-05-5
Molecular formula C18H26O

Chemical name 1,3,4,6,7,8-Hexahydro-4,6,6,7,8,8-hexa-
methyl-cyclopenta[g]2-benzopyran

Molecular weight 258.4 g/mol

The toxicity of HHCB is still a matter of debate [7]. In the last few years, some
studies on the effects of HHCB on aquatic organisms, including marine species, have been
performed [7,28–32]. Both estrogenic and antiestrogenic effects were observed in biological
models and aquatic organisms [7]. HHCB also affected larval and juvenile development of
different organisms [33–37]. A concentration gradient experiment with the shrimp Palaemon
varians showed an avoidance behaviour assumed by the animals from the compartments
with higher levels of HHCB to the less concentrated ones [31]. Other studies also revealed
the potential of HHCB to induce oxidative stress, enzyme activity alterations and genetic
damage. Alterations in antioxidant enzymes activities were observed after exposure of the
fish Carassius auratus and Danio rerio to the contaminant [38,39]. In a 21-d exposure test,
HHCB (500 ng/L) caused oxidative stress (lipid peroxidation and protein carbonylation)
and DNA strand breaks in the freshwater zebra mussel Dreissena polymorpha [40]. Oxidative
stress, genetic damage and antioxidant enzymes activity alterations were also recorded
in the Manila clam Ruditapes philippinarum exposed for 21 days to 0.005, 0.05, 0.5, 5 and
50 µg/L of HHCB [32]. Recently, the neurotoxic and endocrine-disrupting effects of the
compound have been investigated in the same clam species [41]. In a study with Mytilus
californianus, HHCB acted as a chemosensitizer, inhibiting the multixenobiotic resistance
of the mussels [29]. Despite all these findings, information about sub-lethal effects due to
long-term exposure of marine organisms to HHCB is lacking [32].

This study was performed to assess the effects of HHCB on biomarker responses of
R. philippinarum. Biomarkers were measured in the haemocytes/haemolymph, gills and
digestive gland. Biomarkers included total haemocyte count (THC), haemocyte diameter
and volume, cell proliferation, cytotoxicity, lysozyme activity, activity of the antioxidant
superoxide dismutase (SOD), catalase (CAT), glutathione reductase (GR), and glutathione-
S-transferase (GST). Protein carbonyl content (PCC) was estimated as an oxidative damage
biomarker. Lastly, measurement of the activity of acetylcholinesterase (AChE) and butyryl-
cholinesterase (BChE) were used as neurotoxic biomarkers. Clam tissues analysed were
the haemolymph, for evaluating haemocyte parameters [42–44], gills, being the first tissues
in contact with seawater and pollutants, and digestive gland, for its accumulation and
metabolism properties [45].
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2. Materials and Methods
2.1. Animals

The clam R. philippinarum has been widely used as model organism in several ecotoxico-
logical studies [46–50]. Specimens of R. philippinarum (mean shell length ± SD = 4.6 ± 0.5 cm)
were collected in September 2020 in an unpolluted bivalve farming area in the southern basin
of the Lagoon of Venice (Italy). They were kept in large aquaria with a sandy bottom and
aerated sea water (salinity of 35 ± 1 psu, temperature of 16 ± 0.5 ◦C) for five days, before
experiments. The clams were fed every two days with a microalgal mixture (Tetraselmis chuii
and Phaeodactylum tricornutum).

2.2. Experimental Design

HHCB was purchased from LGC Standards S.r.l. (Milano, Italy). The stock solution
(50 mg/L) was prepared in acetone (Sigma-Aldrich, Munich, Germany) and stored at 4 ◦C
and in the dark for the duration of experiments.

The exposure of mussels was conducted in 30 L glass aquaria at the same thermo-
haline conditions used in the acclimatation period. Mussels (45 for each aquaria) were
exposed to 0+acetone (solvent control) and 100 and 500 ng/L of HHCB, with two replicates
tanks for each experimental condition. The concentrations chosen in our study were
previously tested by Parolini et al. [40], because similar concentrations are commonly
found in Europe surface waters. In acetone control, the solvent was added at the highest
concentration used in HHCB treatments (10 µL/L). Based on our preliminary observations
(data not published), such concentration of methanol was unable to produce significant
alterations in biomarker responses of clams with respect to a control condition without
solvent. That is why we decided to prepare only one control (seawater + methanol).
Seawater was renewed every two days, along with the nominal exposure concentrations
and the microalgal mixture. Tissues were collected after 7, 14 and 21 days of exposure.

2.3. Tissue Collection

At each exposure time, 12 specimens per aquaria were used (24 mussels for each
experimental conditions). Animals were then divided into 6 pools of 4 specimens each, and
haemolymph, gills and digestive glands were collected. Their haemolymph was collected
from the anterior adductor muscle in a 1-mL plastic syringe and placed in Eppendorf tubes
at 4 ◦C. All haemocyte parameters were immediately measured, except for the lysozyme
activity. Gills and digestive glands aliquots were frozen in liquid nitrogen and stored at
−20 ◦C until analyses. All the assays performed here had previously been validated in
other studies [43,45,50–55].

2.4. Haemocyte Biomarkers

THC and haemocyte diameter and volume were determined for each pool with a
Scepter™ 2.0 Automated Cell Counter (Millipore, FL, USA). Briefly, 20 µL of haemolymph
were added to 2 mL of Coulter Isoton diluent. THC was expressed as the number of
haemocytes (×107)/mL of haemolymph, whereas cell diameter and cell volume were
expressed as µm and pL (picolitres), respectively.

Since we demonstrated that haemocytes can divide in the haemolymph of R. philip-
pinarum [56], cell proliferation was determined by means of a commercial kit (Cell prolifer-
ation Kit II, Roche). The results were normalised to the relative THC values and expressed
as optical density at 450 nm (OD450).

Cytotoxicity was assessed with a commercial kit (Cytotoxicity Detection Kit, Roche),
which is based on the evaluation of lactate dehydrogenase (LDH) activity. Results were
normalised to the relative THC values and expressed as optical density at 490 nm (OD490).

Lysozyme activity was determined in the haemocyte lysate, higher enzymatic activ-
ity being detected in cells rather than in haemolymph [57]. From each pool, 500 µL of
haemolymph was centrifugated for 10 min at 3000× g. The supernatant was removed
(subsequently used for the cytotoxicity assay described above) and 500 µL of distilled water
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was added to obtain haemocyte lysate (HL). Briefly, 50 µL of HL were added to 950 µL of a
0.15% suspension of Micrococcus lysodeikticus (Sigma-Aldritch) in 66 mM phosphate buffer
(pH 5.8). Lysozyme activity was determined with a spectrometric method proposed by
Fisher et al. [58], where the decreasing of absorbance (∆A/min) was recorded at 450 nm for
5 min (lecture range of 30 s) at room temperature [58]. A calibration curve was obtained
from lysozyme standards, and a unit of lysozyme was defined as the amount of enzyme
producing an activity equivalent to 1 µg of lysozyme in the conditions described above.
The results were expressed as µg of lysozyme per mg of proteins, the concentrations of
which were quantified according to Bradford [59].

2.5. Gill and Digestive Gland Biomarkers

Gill and digestive gland samples were thawed and homogenised with an Ultra-Turrax
homogeniser (model T8 basic, IKA) at 4 ◦C in 1 mL of homogenisation buffer, made of
10 mM Tris-HCl buffer (pH 7.6), 0.15 M KCl, 0.5 M sucrose, 1 mM EDTA and Protease
Inhibitor Cocktail (P2714, Sigma-Aldrich). Samples were centrifuged at 12.000× g for
30 min at 4 ◦C, and supernatants (SN) were collected for the subsequent analyses. For
each assay, SN protein concentrations were measured to normalize the results of enzyme
activities [59].

SOD activity was measured both in gills and digestive gland according to the method
proposed by Crapo et al. [60] with hypoxanthine, xanthine oxidase and cytochrome c as
the reaction mixture [60]. Results are expressed as U SOD/mg protein, where one unit is
the amount of sample producing 50% inhibition in the assay conditions [60].

The Aebi method [61] was used to determine CAT activity in both tissues. Data are
expressed as U CAT/mg protein, where one unit is the amount of sample that catalysed
the dismutation of 1 µmol of hydrogen peroxide per minute [61].

GR activity was measured using the method proposed by Smith et al. [62] both in
gills and digestive gland following the reaction between glutathione (obtained from the
reduction of its oxidate form by GR) and 5,5′-dithiobis(2-nitrobenzoic acid) (DTNB), which
gives 5-thio-2-nitrobenzoic acid (TNB) as a product [62]. Results are expressed as U GR/mg
protein, where one unit is the amount of enzyme that causes the reduction of 1.0 µmol of
DTNB to TNB at 25 ◦C.

GST activity, which was evaluated only in the digestive gland, was determined following
the method of Habig et al. [63], following the reaction between 1-chloro-2,4-dinitrobenzene
(CDNB) and reduced glutathione [63]. Results are expressed as nmol/min/mg protein.

PCC was assessed with the method of Mecocci et al. [64] in both tissues, based
on the reaction between the carbonyl groups -CO that might be on the proteins with
2,4-dinitrophenylhydrazide (DNPH). The carbonyl content is expressed as nmol of car-
bonylated proteins/mg total proteins [64].

AChE activity was measured in gills using the method of Ellman et al. [65]. The
method relies on acetylthiocholine as substrate, which is hydrolysed to thiocholine and
acetate by the enzyme. Then, thiocholine reacts with DTNB to give TNB, which is colori-
metrically quantified [65]. Results are expressed as nmol/min/mg protein.

BChE activity was assessed according to Escartín et al. [66]. In this case the substrate
is butyrylthiocholine. Results are expressed as nmol/min/mg protein.

2.6. Statistical Analysis

For all data, the normal distribution (Shapiro-Wilk’s test) and homogeneity of the
variance (Bartlett’s test) were assessed. Results were statistically analysed using a two-way
ANOVA analysis, with treatment and exposure time as predictors and the biomarkers as
cases. For pairwise comparisons, a post-hoc test (Tukey’s HSD test) was conducted when
a significant effect of treatment or time*treatment interaction from the ANOVA test was
recorded. The software used for the statistical analyses was STATISTICA 13.1 (StatSoft,
Tulsa, OK, USA), and results are expressed as means ± standard error.
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3. Results
3.1. Haemocyte Parameters

THC was significantly influenced only by treatment (p < 0.05) (Table 2), with a signifi-
cant (p < 0.05) reduction on day 21 at 500 ng/L, compared to the related control (Figure 1).
Instead, no significant variations were detected for the diameter and the volume of haemo-
cytes (Table 2; data not shown).

Table 2. Results of two-way ANOVA analysis for the haemocyte biomarkers measured in the
haemolymph of Ruditapes philippinarum after exposure to HHCB. Statistically significant effects of the
variables “time”, “treatment” and “time*treatment interaction” are indicated in bold.

Source of
Variation

Haemolymph

F df p-Value

THC
time 2.78 2 0.072

treatment 3.56 2 0.037
time*treatment 1.97 4 0.115

Haemocyte
diameter

time 1.07 2 0.350
Treatment 0.79 2 0.461

time*treatment 1.44 4 0.237

Haemocyte
volume

time 3.14 2 0.053
treatment 0.06 2 0.946

time*treatment 0.35 4 0.844

Haemocyte
proliferation

time 1.46 2 0.244
treatment 7.04 2 0.002

time*treatment 1.06 4 0.389

LDH
time 1.17 2 0.318

treatment 0.54 2 0.584
time*treatment 1.36 4 0.264

Lysozyme
time 0.59 2 0.559

treatment 3.77 2 0.031
time*treatment 0.65 4 0.629
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Figure 1. Total haemocyte count values in Ruditapes philippinarum after exposure for 7, 14 and 21 days
to 100 ng/L and 500 ng/L of HHCB. The results are expressed as number of haemocytes ×(107)/mL
of haemolymph and are reported as means ± standard error; n = 6. Asterisks indicate significant
differences compared to controls at the same time of exposure: * p < 0.05.

A significant (p < 0.01) treatment-induced alteration in haemocyte proliferation was
recorded (Table 2). The post-hoc test revealed a significant increase on days 7 (p < 0.05) and
21 (p < 0.01) in mussels exposed to 500 ng/L (Figure 2).
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Figure 2. Haemocyte proliferation in Ruditapes philippinarum after exposure to 100 ng/L and
500 ng/L of HHCB for 7, 14 and 21 days. The results are expressed as OD450 and are reported
as means ± standard error; n = 6. Asterisks indicate significant differences compared to controls at
the same time of exposure: * p < 0.05, ** p < 0.01.

No significant variations of LDH activity were recorded during the experiment
(Table 2; figure not shown).

HL lysozyme activity was influenced significantly by treatment (p < 0.05) (Table 2),
but no significant differences were evidenced by Tukey’s HSD test (figure not shown).

3.2. Biochemical Parameters

In gills, SOD activity was affected significantly by time of exposure (p < 0.001) and
time*treatment interaction (p < 0.001) (Table 3). On day 7, a significant increase of the
enzymatic activity was recorded at 500 ng/L (p < 0.01), whereas on day 14, SOD activity
was significantly decreased at both 100 ng/L (p < 0.01) and 500 ng/L (p < 0.001) (Figure 3).
As for digestive gland SOD activity, only exposure time (p < 0.05) significantly affected
enzyme activity (Table 3; figure not shown).

Gill CAT activity was influenced only by exposure time (p < 0.001) (Table 3; data not
shown), whereas in digestive gland, CAT activity was affected by time (p < 0.001) and
time*treatment interaction (p < 0.01) (Table 3). Pair-wise comparisons showed a significant
increase (p < 0.05) at 100 ng/L on day 7, when compared to the related control (Figure 4).

No significant variations in GR activity were recorded in both gills and digestive gland
of bivalves (Table 3; figure not shown).

Digestive gland GST activity was significantly influenced only by the time of exposure
(Table 3; figure not shown).

In both tissues, no statistical differences in PCC values were found (Table 3; figure not shown).
AChE activity in gills was significantly influenced by time (p < 0.001) and treatment

(p < 0.001) (Table 3). In particular, enzyme activity increased significantly (p < 0.01) at
100 ng/L on day 14 (Figure 5).

BChE activity was significantly influenced by time (p < 0.001) and time*treatment
interaction (p < 0.01) in gills, whereas in digestive gland the activity was modulated only
by the factor time*treatment interaction (p < 0.01) (Table 3). Despite these findings, no
significant variations in the post-hoc test comparisons were observed related to the control
groups (data not shown).
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Table 3. Results of two-way ANOVA analysis for the biomarkers measured in gills and digestive gland of Ruditapes philip-
pinarum after exposure to HHCB. Statistically significant influences of the variables “time”, “treatment” and “time*treatment”
interaction are indicated in bold; n.m.: not measured.

Source of
Variation

Gills Digestive Gland

F df p-Value F df p-Value

SOD
time 36.22 2 0.000 3.21 2 0.050

treatment 1.18 2 0.316 0.51 2 0.604
time*treatment 11.62 4 0.000 2.40 4 0.064

CAT
time 36.05 2 0.000 9.16 2 0.000

treatment 0.83 2 0.443 0.05 2 0.955
time*treatment 2.23 4 0.081 5.47 4 0.001

GR
time 1.72 2 0.191 2.58 2 0.087

treatment 0.70 2 0.503 2.63 2 0.083
time*treatment 0.84 4 0.509 2.38 4 0.066

GST
time n.m. n.m. n.m. 7.58 2 0.001

treatment n.m. n.m. n.m. 2.48 2 0.095
time*treatment n.m. n.m. n.m. 2.19 4 0.085

PCC
time 0.33 2 0.718 0.16 2 0.856

treatment 1.03 2 0.366 0.84 2 0.436
time*treatment 1.10 4 0.370 1.11 4 0.366

AChE
time 14.53 2 0.000 n.m. n.m. n.m.

treatment 13.31 2 0.000 n.m. n.m. n.m.
time*treatment 1.63 4 0.184 n.m. n.m. n.m.

BChE
time 107.10 2 0.000 2.28 2 0.114

treatment 1.27 2 0.290 1.08 2 0.348
time*treatment 5.14 4 0.002 4.67 4 0.003
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Figure 3. Superoxide dismutase activity in the gills of Ruditapes philippinarum after exposure for 7, 14
and 21 days to 100 ng/L and 500 ng/L of HHCB. The results are expressed as U/mg of proteins and
are reported as means ± standard error; n = 6. Asterisks indicate significant differences compared to
controls at the same time of exposure: ** p < 0.01, *** p < 0.001.
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Figure 4. Catalase activity in the digestive gland of Ruditapes philippinarum after exposure for 7, 14
and 21 days to 100 ng/L and 500 ng/L of HHCB. The results are expressed as U/mg of proteins and
are reported as means ± standard error; n = 6. Asterisks indicate significant differences compared to
controls at the same time of exposure: * p < 0.05.
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Figure 5. Acetylcholinesterase activity values in the gills of Ruditapes philippinarum after exposure to
100 ng/L and 500 ng/L of HHCB for 7, 14 and 21 days. The results are expressed as nmol/min/mg of
proteins and are reported as means ± standard error; n = 6. Asterisks indicate significant differences
compared to controls at the same time of exposure: ** p < 0.01.

4. Discussion

HHCB is a synthetic musk fragrance widely used in household and personal care prod-
ucts [4]. Its massive use along with ineffective WWTPs treatments leads to a continued release
of the compound into aquatic environments [1,4,9]. Since it is considered an emerging pol-
lutant like other PPCPs, HHCB has been subjected to some ecotoxicological investigations,
especially in aquatic organisms [7]. However, only a few studies have been conducted on
marine organisms, and toxicological information regarding HHCB in the marine environment
is still lacking [32]. This study aimed to assess whether HHCB may cause oxidative, neurotoxic
or immunotoxic damages to the clam R. philippinarum. Two concentrations of HHCB, namely
100 and 500 ng/L, were tested in a 21-day semi-static exposure.

The mollusc immune system relies on haemocytes, which exert a defensive action
against pathogens and xenobiotics [67]. Strong environmental variations or exposure to
pollutants may cause negative effects on the immune system and may lead to a higher sensi-
bility of animals to pathogens [68]. Pollutants such as heavy metals, organotin compounds
and polycyclic aromatic hydrocarbons have been shown to elicit an immunotoxic effect on
molluscs [42,69]. Several haemocyte parameters (=immunomarkers) were measured in this
study to evaluate whether HHCB might cause immunomodulation in Manila clams. To the
best of our knowledge, there are no data on the effects of this contaminant on the immune
system of marine animals.
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THC is one of the most used immunomarkers to assess negative cell effects of pol-
lutants in molluscs [70]. An increase in circulating haemocyte number may be a result of
either augmented cell proliferation or increased migration of cells from peripherical tissues
to the haemolymph [71]. On the other hand, haemocyte migration from the haemolymph
to other tissues can result in a reduction in THC. Nevertheless, a decrease in THC may
be a consequence of cell death [71]. In this study, exposure to 500 ng/L HHCB induced a
significant reduction of THC in R. philippinarum at the end of the exposure. Other studies
demonstrated the same pattern after exposure of Manila clams to PPCPs. For example, a
reduction in THC was detected in molluscs after chronic exposure to ibuprofen [44] and
triclosan [43]. In this study, we assume that THC reduction might be caused by haemocyte
migration from haemolymph to other tissues. We discarded the hypothesis of damage
to haemocytes (i.e., cell death) as no significant variations in LDH activity were detected
(LDH is a biomarker of cell membrane stability). However, higher haemocyte proliferation
recorded in the mussels exposed for 21 days to 500 ng/L did not induce an increase in
THC values. Probably, increases in cell proliferation fixed only partially the substantial
reduction of THC levels at the same experimental condition (see below).

As for the diameter and volume of haemocytes, no significant differences were ob-
served in this study. Generally, an increase in these parameters may be due to increased
phagocytic activity, whereas a reduction may be a consequence of cell membrane damage
and cytoplasm leaks [43].

The cell proliferation assay showed an increase in haemocyte proliferation at 500 ng/L
after 7 and 21 days of exposure. It was shown that Manila clam haemocytes have the
capability to divide in the haemolymph [56]. Comparing such results with those of THC
assay, an increasing trend in cell proliferation associated with reductions in THC values
after 7 and 21 days can be highlighted at the same experimental conditions. However, the
decreased THC value on day 7 was not statistically significant. These might be explained
by the raised proliferation of haemocytes, which might have compensated for the THC
reduction. Instead, on day 21 the augmented proliferation might not be enough to face
the reduction in cell number. This pattern of variation was also shown in another study
on R. philippinarum, where exposure to 1000 µg/L ibuprofen caused a reduction in THC
values along with an increase in haemocytes proliferation [44]. On the contrary, a reduction
of both THC and cell proliferation was observed after exposure of clams to triclosan [43].

LDH is a lysosomal enzyme that can be released in serum/haemolymph by damaged
cells [43]. Our results demonstrated the absence of cytotoxicity in haemocytes of R. philip-
pinarum after exposure to HHCB. In previous studies, cell membrane destabilisation was found
after exposure of clams to triclosan (300, 600 and 900 ng/L) and ibuprofen (1000 µg/L) [43,44].

Lysozyme is the main bacteriolytic agent able to digest both Gram-positive and Gram-
negative bacteria. A reduced lysozyme activity may cause a reduction in immunosurveil-
lance [42]. Being synthesised in haemocytes, lysozyme may be released in the haemolymph
during phagocytosis, to promote pathogen degradation [72]. Generally, higher levels of
enzyme activity are found in cells than in haemolymph [57]. For that reason, here we
evaluated lysozyme activity in haemocyte lysate. However, no significant variations in
lysozyme activity were revealed by the post-hoc comparison test. In other studies, no
significant effects on lysozyme activity were observed after exposure of R. philippinarum to
triclosan [43], whereas exposure to 100 and 1000 µg/L of ibuprofen determined a decreased
lysozyme activity in cell-free haemolymph [73].

Reactive oxygen species (ROS) may cause damage in cell structures [74]. Exposure to
several pollutants may enhance ROS production in an organism’s tissues, overwhelming
the antioxidant capacities of the cells and resulting in oxidative stress [75]. Thus, the
measurement of antioxidant enzyme activity is used as a biomarker of oxidative stress.
It should be considered, however, that the activity of such enzymes is influenced by
biological factors, such as age and reproduction period, and environmental factors such
as pH, temperature and dissolved oxygen [74]. In this study, the antioxidant enzymes
analysed were SOD, CAT, GR and GST.
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SOD is a metalloenzyme involved in the dismutation of superoxide radical to oxygen
and hydrogen peroxide [60]. SOD, working in synergy with CAT, represents one of the
most important antioxidant defences. CAT further transforms hydrogen peroxide (another
ROS) into water and gaseous oxygen [61]. After HHCB exposure, differences in SOD
activity were observed only in clam gills. Exposure for 7 days to 500 ng/L of HHCB
induced a significant increase of SOD activity. An opposite trend was recorded after
14 days of exposure to both concentrations tested. These results suggested that HHCB
might have induced SOD activity in the first 7 days of exposure probably to counteract a
ROS increase in tissues, at least at the highest concentration tested. On day 14, enzyme
activity strongly decreased, suggesting a substantial reduction of the antioxidant defences.
At the end of exposure, however, SOD activity returned to control levels, similarly to what
was observed in previous studies [38,39]. In our study, the non-linear pattern of variation
of SOD activity was not confirmed by that of CAT activity. Indeed, in gills there were
no significant differences in enzyme activity. Based on SOD activity results, an increase
in CAT activity was expected at least at 500 ng/L of HHCB on day 7. We hypothesised
that hydrogen peroxide produced by increased SOD activity was transformed by other
enzymes, such as glutathione peroxidase (which was not evaluated in this study). In the
digestive gland, CAT activity showed a significant increase at 100 ng/L HHCB after 7 days
of exposure but returned to control levels by the end of the exposure period. Based on
the results obtained in the present study, we can state that HHCB can only partially cause
an oxidative stress status in clams, under the experimental conditions tested at least. To
the best of our knowledge, there are no data concerning the effects of HHCB on SOD and
CAT activities in marine organisms. In a study with D. rerio, concentrations of 0.37 and
0.17 mg/L induced an increase in SOD activity on the second day of exposure [39]. In the
liver of the fish C. auratus, exposure to 15, 75 and 150 µg/L HHCB caused an increase in
SOD activity after 14 days of exposure and in CAT activity after 14 and 21 days [38]. As
for the clam R. philippinarum, triclosan was shown to elicit an increase in gills SOD activity
and a reduction in the digestive gland at the concentrations of 600 and 900 ng/L [45].
Milan et al. [73] demonstrated a decrease in SOD activity in the digestive gland from
bivalves exposed for 5 and 7 days to 100 and 1000 µg/L of ibuprofen. Exposure to different
pharmaceuticals (15 µg/L of carbamazepine, diclofenac and ibuprofen) caused different
patterns of variation of SOD and CAT activities over time, both in the gills and digestive
gland of R. philippinarum [49]. However, the clams also showed a general recovery capability
of the antioxidant defences at the end of the exposure time [49].

Glutathione is a peptide able to conjugate several harmful compounds, including
ROS [62]. To carry out its function, it needs the activities of other enzymes, such as GR,
which makes new glutathione by reducing its oxidised form to the reactive one, whereas
GST allows glutathione to bond with harmful reactive species in order to remove them.
In this study, no significant changes in GR or GST activity were recorded in tissues of R.
philippinarum. Our results are in contrast with those of Ehiguese et al. [32], who exposed the
clams to different HHCB concentrations (0.005, 0.05, 0.5, 5 and 50 µg/L). In the digestive
gland, the authors reported a reduction in GR activity at all the concentrations tested at
each exposure time (3, 7, 14 and 21 days) [32]. Moreover, GST increased at all HHCB
concentrations and all exposure times (with the only exception of the lowest concentration
at 7 days) [32]. In the light of those results, the authors highlighted the potential of HHCB
to induce oxidative stress in R. philippinarum [32]. The inconsistency between our results
and those reported here [32] indicates that further analyses are necessary to better clarify
the role of HHCB in promoting oxidative stress by modulating GR and GST activity. In
another study on PPCPs, Trombini et al. [49] observed an initial increase of both enzyme
activities followed by a reduction over time after exposure for 14 days of R. philippinarum
to 15 µg/L carbamazepine, 15 µg/L diclofenac and 15 µg/L ibuprofen.

ROS and other oxidant agents may cause oxidation and modification of the proteins, such
as the formation of carbonyl groups [75]. Carbonylation may exert different effects on proteins,
for instance leading to their aggregation, inactivation or degradation [69]. Pollutants, which
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may enhance ROS production in cells, may therefore cause protein carbonylation [69,74,75].
Quantifying the amount of carbonyl groups in proteins is an indicator of possible oxidative
damage induced by a contaminant [69]. In this study, PCC levels were not influenced by
exposure to HHCB, in both tissues of R. philippinarum. In D. polymorpha, exposure to 500 ng/L
HHCB induced an increase in PCC after 21 days [40]. Based on our study, we can exclude that
HHCB causes oxidative damage to R. philippinarum proteins.

AChE and BChE are cholinesterases, which are a class of ubiquitous serine hydrolases
that remove acetylcholine from the synaptic cleft [76,77]. Acetylcholine is a neurotransmit-
ter that works between the synaptic junctions and is responsible for the nervous signal
transmission to cholinergic receptors [78]. Once the signal is transmitted, AChE hydrolyses
acetylcholine in choline and acetic acid [79], giving the end of the neural signal trans-
mission [78]. This neurotransmission system is widely present in organisms, even if is
not well characterized in invertebrates [80]. Inhibition of AChE activity may result in
acetylcholine accumulation in the synaptic cleft, provoking a continued stimulation of
cholinergic receptors [78], with negative consequences, such as convulsions and paralysis
in the worst cases [80]. In previous studies, AChE inhibition was widely used as a neuro-
toxic biomarker to evaluate the effects of carbamate and organophosphate pesticides on
fish and invertebrates [81]. Recently, AChE activity measurement has also been used to
define the neurotoxic potential of other contaminants, such as detergents, heavy metals,
and polycyclic aromatic hydrocarbon [82]. In this study, AChE activity was determined to
evaluate a possible neurotoxic effect of HHCB on R. philippinarum. We evaluated AChE
activity only in clam gills because they are the first tissue in contact with waterborne
contaminants, and because cholinesterases activity is greater in such tissue than others [83].
In this study, a significant increase of AChE activity was found at 100 ng/L on day 14,
suggesting a reaction of the organisms to mitigate a possible neurotoxic effect of HHCB. In
a recent study, inhibition of AChE activity has been observed in clams exposed to different
HHCB concentrations (from 0.005 to 50 µg/L) at different exposure times [41], suggesting
the capability of HHCB to influence AChE activity in tissues of the clam R. philippinarum.
Conversely, our study does not allow us to affirm that HHCB is neurotoxic to R. philip-
pinarum. In a previous study, Milan et al. [73] demonstrated that exposure to ibuprofen
caused a different pattern of variation in enzyme activity over time. Trombini et al. [45]
observed an increase in enzyme activity in the digestive gland after exposure of clams to
15 µg/L diclofenac, whereas all the pharmaceuticals tested (carbamazepine, diclofenac and
ibuprofen) caused an increase in gills [49]. A significant decline of AChE activity, instead,
was registered in the bivalve gills after exposure to 300 and 900 ng/L triclosan for 7 days.

While AChE rapidly hydrolyses acetylcholine, BChE (also known as nonspecific
cholinesterase or pseudocholinesterase) does not have a well-identified natural
substrate [76,77]. It is hypothesised that BChE acts as a scavenging enzyme in natu-
ral compound detoxification [76] and preserves AChE by substituting it in the reaction
with toxic organophosphate [84]. It has been suggested that BChE might play a back-up
role when AChE activity in neurotransmission is insufficient, although more experimental
evidence is needed [85]. In marine invertebrates, BChE activity along with AChE was
evaluated to assess the neurotoxicity of pollutants [76,83,86,87]. Herein, we evaluated
the activity of BChE in the gills and digestive gland as a neurotoxic biomarker of HHCB
exposure in R. philippinarum. The results indicated that treatment did not induce statistical
changes in the enzyme activity in both tissues, suggesting that HHCB was not able to
promote neurotoxicity in clams. Since there are no data about HHCB effects on BChE
activity in aquatic organisms, further studies are required in order to better clarify this
aspect. In previous studies, BChE activity was measured in molluscs exposed to pesticides
and organophosphorus compounds [66,86,87].

5. Conclusions

Our results suggest that HHCB can partially affect biomarker responses of R. philip-
pinarum. As for haemocytes, HHCB was shown to influence THC, haemocyte proliferation
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and HL lysozyme activity, mainly at the highest concentration tested. With regard to
antioxidant enzymes, modulations of SOD and CAT activities were observed, whereas
no significant changes in GR and GST activities were recorded. Based on these results
and those of PCC, AChE and BChE assays, we can exclude HHCB-mediated oxidative
stress/damage and neurotoxicity in clams. Considering the controversial results available
in the literature, we think that more efforts should be addressed at evaluating the effects of
fragrances on bivalves, as well as on other aquatic species.
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